Introduction: A fundamental challenge to the integrity of tropical dry forest ecosystems is the invasion of nonnative grass species. These grasses compete for resources and fuel anthropogenic wildfires. In 2012, a bulldozer from the Puerto Rico Electric Power Authority cleared a 570-m trail from a state road into a mature dry forest section of Guánica Forest to control a wildfire. We monitored colonization by a non-native invasive grass (Megathyrsus maximus), a highly invasive tree (Leucaena leucocephala), and a native grass (Uniola virgata), as well as natural regeneration, along the bulldozer trail. We determined whether bulldozing facilitated colonization by these species into the forest and the extent of spread. Results: Distance from propagule source and temporal variations strongly influenced colonization by our three focal species. Megathyrsus maximus invaded along the trail from source populations by the state road. The establishment of new colonies of M. maximus seedlings went as far as 570 m inside the forest (i.e., at the end of the bulldozer trail), but we found most new colonies within 270 m of the road. Leucaena leucocephala exhibited a similar spreading pattern. Before disturbance, Uniola virgata was distributed widely across the forest, but the highest densities were found in areas near the latter portion (> 401 m) of the bulldozer trail. Subsequently, the species formed new clumps along more than half of the trail (250 to 570 m), apparently colonizing from undisturbed patches nearby. Conclusions: Bulldozing facilitated the invasion of non-native vegetation. The projected community assemblage will be more fire-prone than before since M. maximus carries fire across the landscape better than U. virgata, emphasizing the capacity of invasive plant colonization to alter local ecological processes after only a single wildfire and bulldoze event. Our results provide a valuable baseline for short-term vegetation response to anthropogenic disturbances in tropical semi-deciduous dry forests.
Introduction
An important goal of invasion ecology is to understand how biological invasions are driven by anthropogenic alteration of native habitats (Vitousek et al. 1996; Wilcove et al. 1998; Mack and D' Antonio 2003; Lockwood et al. 2007; Gooden and French 2014) . Even though some forests are capable of absorbing human activities that mimic natural disturbances, the frequency and intensity of those disturbances can have major impacts on ecosystem function (Molina Colón and Lugo 2006; Van Bloem et al. 2005) . Anthropogenic changes to ecosystems can shift community assemblages during regeneration, triggering environmental changes that influence above-and belowground dynamics (Ammondt and Litton 2012) . These changes can contribute to the establishment of invasive species in the short term, but if further disturbances are minimal, the spread of an invader within an affected ecosystem may ultimately decline over the long term (Rew and Johnson 2010) . On the other hand, there is limited information about overlapping effects of niche alteration and plant invasion on native communities (Didham et al. 2007; Gooden and French 2014) . Thus, it is difficult to ascertain whether drivers of habitat modification might interact in such a way as to further facilitate invasions during post-disturbance recovery of the system (Didham et al. 2007 ).
In tropical dry forest systems (Janzen 1988) , grass intrusion and other habitat modifications driven by anthropogenic disturbance can yield widely different outcomes depending on the degree of degradation and frequency of perturbation. Disturbance can negatively influence resource acquisition and use by native trees and saplings (Hoffmann et al. 2009 ), increase fuel loads for wildfires, and alter understory vegetation structure (Rojas-Sandoval and Acevedo-Rodríguez 2014; Hoffmann et al. 2012; Cordell and Sandquist 2008; Brooks et al. 2004) . The process of natural regeneration after a disturbance relies on the local plant community's ability to survive in a resource-depleted ecosystem, and amidst competition from potential invasive species, before the system can regain its optimal functionality (Ammondt and Litton 2012; Rew and Johnson 2010) . If implemented according to an adaptive ecosystem management framework, human-facilitated efforts to restore ecological function can provide needed support when natural regeneration seems insufficient to restore and sustain the health, productivity, and biodiversity of the system (Griscom and Ashton 2011). For instance, when a fireprone invasive grass species is highly abundant, it intensifies the frequency of wildfires in invaded dry forests (Thaxton et al. 2012a; Hoffmann et al. 2012) . Under these circumstances, management recommendations usually focus on reducing fuel loads (Janzen 1988) with prescribed fires in combination with the restoration of tree canopy cover (Brooks and Lusk 2008; Francis and Parrotta 2006) . Unfortunately, additional anthropogenic disturbances (e.g., bulldozing), even those with the specific motive of creating fire breaks, may actually exacerbate the risk of wildfires in the system by facilitating the further introduction and spread of fire-prone invasive grasses (Chinea 2002) . Effective dry forest management for species diversity between coexisting invasive and native plant species in Puerto Rico must adopt a comparative co-occurrence approach (Daehler 2003; Padmanaba and Sheil 2014) for better understanding of the rates and patterns of spread of these species after such disturbances (Lugo and Brandeis 2005) . In this study, we focused on three important plant species in Puerto Rican dry forests: a non-native grass, Megathyrsus maximus (Jacq.) B.K. Simon & S.W.L. Jacobs; a native grass, Uniola virgata (Poir.) Griseb; and a ruderal and potentially invasive leguminous tree, Leucaena leucocephala (Lam.) de Wit.
Megathyrsus maximus (Guinea grass) is a fire-prone invasive grass that was introduced to Puerto Rico in the late 1800s for cattle forage and subsequently spread into the forest (Monsegur-Rivera 2009). Megathyrsus maximus is a warm-season, tropical C 4 African grass capable of suppressing and displacing native vegetation on fertile soils. This species is fully capable of surviving fires and subsequently out-competing native vegetation in lowland landscapes after a significant disturbance (D' Antonio and Vitousek 1992; Pivello et al. 1999; Ammondt et al. 2013 ). Veldman and Putz (2010) studied the long-distance dispersal of M. maximus in lowland Bolivia and noted suitable conditions for this species to colonize logged forests, including shade tolerance (10% full sunlight; 38% survival). Logging trucks were responsible for 97% of seed dispersal (i.e., 1270 seeds/m 2 ) along roadsides, and Veldman and Putz (2010) concluded that bulldozing facilitates the spread of propagules into the forest.
Uniola virgata is a native perennial C 4 grass commonly found on dry coastal limestone slopes and hills, forming dense clumps or bunches with dead leaves curled around the base of the stems (Monsegur-Rivera 2009). The species is most common in locations with little canopy cover, but native woody shrubs and scattered trees are typically also found in these locations (Thaxton et al. 2012b; Garcia-Cancel 2013; Jaime, personal observation) . The ecology of U. virgata is still poorly known beyond its local-scale spatial distribution pattern and rate of biomass accumulation, as well as qualitative observations regarding its limited ability to resprout from rhizomes after a fire (Thaxton et al. 2012b) .
Leucaena leucocephala (commonly known as the lead tree, jumbay, tantan, white popinac or zarcilla) was introduced to Puerto Rico in the 1700s from Mexico by Spanish settlers. In terms of categories defined by Richardson et al. (2000) with respect to alien plant species, L. leucocephala can be considered a naturalized species because it is capable of sustaining a stable population over many life cycles with or without anthropogenic intervention. However, depending on habitat conditions, it has the potential to behave as an invasive species colonizing natural and semi-natural ecosystems (Richardson et al. 2000) . Historically in Puerto Rico, L. leucocephala has been one of the most prominent ruderal species and is usually among the first plant species to colonize disturbed lands such as abandoned agricultural fields, previously cleared forests, and along roads (Christen and Matlack 2006; Van Bloem et al. 2004) . To some extent, it can survive lowintensity fires in tropical dry forest ecosystems (Wolfe and Van Bloem 2012) . It can grow on most soils in semi-natural, disturbed, eroded, and degraded habitats, tolerates an extensive range of precipitation (500-3500 mm), and is capable of surviving a lengthy (6-8 months) dry season (Francis and Lowe 2000) . A shade-intolerant species, L. leucocephala thrives in open canopy, competing with grasses and weeds during early growth (Parrotta 2000) . However, once it undergoes self-thinning, it provides an opportunity for native understory vegetation to recolonize (Francis and Parrotta 2006; Parrotta 2000) . Previous studies found that L. leucocephala can promote the seedling establishment and growth of native tree species, thereby potentially improving natural regeneration of tropical dry forests (Santiago Garcia et al. 2008; Wolfe and Van Bloem 2012) . Additionally, L. leucocephala is one of the few tree species well adapted to colonize areas occupied by dense tall-grass meadows (e.g., Megathyrsus maximus) (Parrotta 2000) .
The objective of our study was to monitor the rate of spread of these three focal species, and the pattern of their co-occurrence, together with other plant species, during post-disturbance colonization of a bulldozer trail. This bulldozer trail was created by the local government in a region of dry forest in the western section of Guánica Forest in Puerto Rico (Jaime 2014) . We aimed to determine whether or not colonization by any or all of the focal species was facilitated by bulldozing a path through the forest and, if so, at what probability of spread and abundance. Answering such questions contributes to deeper understanding of how three plant species from two different functional groups may interact during post-disturbance colonization, as well as how they may respond spatially to native plant communities regenerating immediately after such disturbance. In turn, this will provide valuable insight about early plant colonization and its potential to shape the vegetation not only in disturbed areas, but over the long term, in other parts of a fully developed tropical dry forest ecosystem.
Methods

Study site
The site for this study is located~13-69 m above sea level near road PR-325 in the Ensenada sector of Guánica Forest (Fig. 1) . Annual rainfall in Ensenada averages 860 mm/year and is highly seasonal, with six dry months (December-March and June-July) split by two wet periods from April to May and August to November (Murphy and Lugo 1986) . The air temperature averages 25.1°C with low annual variation. The Guánica Forest, which was designated as an International Biosphere Reserve by the United Nations in 1981, is the best remaining example of tropical dry forest flora in Puerto Rico and the Caribbean islands (720 species, with 18 endemic tree species, few exotic species, and 4 endangered species listed by the US Fish and Wildlife Service) (Monsegur-Rivera 2009). Its status as a biosphere reserve emphasizes its perceived value for biodiversity conservation as well as ecological research (Acevedo-Rodríguez and Strong 2008; Maunder et al. 2008; Francisco-Ortega et al. 2007 ).
The ecology of seasonally dry tropical forests has been well studied (Molina Colón et al. 2011; Vieira and Scariot 2006; Molina Colón and Lugo 2006; SanchezAzofeifa et al. 2005; Lugo 1986, 1995) . Their plant community structure can vary widely along a continuum ranging from tall stands of semi-deciduous trees to semi-savannas dominated by plants from the Cactaceae family (Vieira and Scariot 2006; Murphy and Lugo 1995) . Most species in the tropical dry forest ecoregion are adapted to tolerate a range of mesic to xeric soil moisture regimes. In terms of phenology and level of deciduousness, > 50% of trees commonly found in tropical dry forests are drought-deciduous, with peak biomass and reproduction during the rainy season for species with fleshy fruits, while species with winddispersed and gravity-dispersed fruits mature during the dry season. Because of unpredictable rainfall patterns and prolonged dry periods, seed germination can be delayed through dormancy until the next rainy season or sometimes can result in high rates of seedling mortality (Murphy and Lugo 1995) .
The Puerto Rico Electric Power Authority created a 570-m long by~7.3-m wide (on average) bulldozer trail into the study site as an attempt to control a wildfire resulting from a downed high-voltage power line inside the forest on March 13, 2012 (Fig. 1 ). The fire burned approximately 10 ha of tropical dry forest. The fire did not burn uniformly across the landscape, so patches of surviving vegetation were distributed throughout the burned area. The bulldozer trail began at the roadside of a paved road (PR-325) and ended 5 m past the highvoltage power-line tower that triggered the wildfire (Fig. 1) . The trail had a 31-m elevation increase from the roadside to the high-voltage tower area (Fig. 1) . The first 401 m from PR-325 was through mature dry forest. The last 169 m crossed through mature forest with U. virgata in the herbaceous understory that burned when the power line fell. Large, dense colonies of M. maximus dominated areas along the side of the road (PR-325) near where the bulldozer trail started. However, colonies of the invasive M. maximus were absent inside the undisturbed forest in March 2012. We are confident that the area did not have M. maximus before the fire and bulldozer disturbances (S. J. Van Bloem, Pers. Obs.), and previous investigations within this field site indicated similar findings (e.g., Pérez Martínez 2007 , Wolfe 2008 ). In addition, we did not observe M. maximus in adjacent control plots immediately after the disturbance. Similar to M. maximus, L. leucocephala was well established along PR-325, however, scattered individuals were also located inside the undisturbed forest.
Experimental design and measurement of bulldozed trail cross-transects
We established 38 cross-transect replicates (~7 m long) perpendicular to the bulldozer trail at 15-m intervals, with the first cross-transect set perpendicular to the roadside of PR-325 where it connected to the bulldozer trail (Fig. 1) . The 15-m spacing between cross-transects was a practical choice given our available project resources, as it enabled repeated and consistent sampling of the full length of the trial at three different survey times. We identified the species of sprouts or seedlings present at intercept points located every 20 cm along each cross-transect line. We sampled each cross-transect in July 2012, December 2012, and July 2013. The first sampling period captured initial colonization, while the second and third surveys measured the influence of the wet fall and dry winter periods, respectively, for a full-year cycle of post-disturbance response from the plant community perspective. We recorded the natural regeneration of the plant community (e.g., germination or resprouting from remnant vegetation) as abundance (%) of vegetation coverage present along each replicated cross-transect. More precisely, we counted the number of points (a ij ) with vegetation in a given cross-transect (ij) divided by the total number of points in the cross-transect (A ij ):
P n j¼1 a ij =A ij Â 100 h i (Fig. 2) .
Statistical analysis
To model the post-disturbance colonization activity of M. maximus, L. leucocephala, and U. virgata, we developed sets of binary logistic regression models (GLM, family = "binomial") based on the presence or absence of the three focal species, as well as the presence of other plants, along each cross-transect. We adopted the probability of occurrence, ѱ (Aho et al. 2014; Cove et al. 2012; MacKenzie et al. 2006; Pan 2001) , represented in this case by the predicted probabilities (i.e., of species occurrence at a given distance along the trail) from each GLM model, as an indicator of the expected pattern of post-disturbance colonization. Each dependent variable was tested against a particular independent variable or set of interacting variables that were considered to have a possible impact on species distribution. We used the statistical software RGui 3.1.2 (R Development Core Team 2014) and the corresponding statistical packages MASS, VIF (O'Brien 2007), car, and ggplot2 for this analysis.
We developed ten models to test specific hypotheses for M. maximus, U. virgata, and L. leucocephala. Although we assumed that a species is naturally more likely to colonize near its point of origin and less likely away from its source point, we further wanted to test whether other ecological parameters accelerated or decelerated a species' colonization (Table 1) . We constructed our first model set (i.e., one model for each focal species) as the null hypotheses [ѱ (.)] to test the premise that the occurrence of each species along the bulldozed trail was neutral, i.e., not following any identifiable trend related to distance, temporal patterns due to elapsed time, the effect of presence of other species (grouped by origin and functional groups), or the combination of all of those parameters. In turn, our second model set [ѱ (Dist_z)] tested the spatial influence that distance from the road had over a species' colonization pattern along the bulldozer trail, thus providing a simple baseline dispersal model for each species. Since there are high densities of M. maximus and L. leucocephala along PR-325, we expected the coefficient for this variable to be negative for these two species (probability declines with distance from the road). However, the establishment of U. virgata was primarily near the end of the bulldozer trail, so we expected the coefficient to be positive in this case (probability increases with distance from the road). We aimed to reduce the chance of omitting confounding factors; in our third model set [ѱ (Time)], we added an elapsed time covariate to the baseline Dist_z to address temporal patterns in colonization over the full year while incorporating each species' source point and possible movement along the bulldozer trail. To evaluate the effect of presence of U. virgata and L. leucocephala on M. maximus colonization, our fourth model [ѱ (NatColo)]-i.e., a single model for M. maximus only-added a covariate representing the combined presence of U. virgata and L. leucocephala to the [ѱ (Time)] model. We applied the same approach in a fifth model [ѱ (InvColo)] for U. virgata, combining the effect of the presence of the other two focal species, M. maximus and L. leucocephala, as one covariate. Since L. leucocephala is the only focal species from a different functional group and has the potential to restore canopy cover in post-disturbed dry forests, we addressed the possible effect of the presence of both focal grass species on its presence by combining M. maximus and U. virgata in our sixth model [ѱ (GrassColo)].
As for natural regeneration of the system after the disturbance, we developed a seventh model set [ѱ (NatVeg)] representing the effect of the combined Table 1 Descriptions and expected direction of occurrence probability (ѱ) models for Megathyrsus maximus 
presence of recolonizing native trees and other plants (i.e., native and introduced species; see Table 2 ) in the disturbed area on the presence of each of the three focal species. Since it is plausible that all of the aforementioned effects of presence, distance, and temporal variations could place collective pressure on each focal species' colonization, we developed three all-inclusive models [ѱ (AllColoNat), ѱ (AllColoInv), and ѱ (AllColoGrass)] by adding a factorial variable representing other vegetation (all functional groups) to the previous models 4-6.
Results
Over the course of the year, colonization of the bulldozer trail by each of the three focal species depended on to their distance from the road. For M. maximus and L. leucocephala, colonization was higher near the road and subsequently decreased in occurrence (ѱ) as the distance from the roadside increased (Fig. 2a, b ). By July 2013 (i.e., the last of the three survey periods), these two species were found fairly regularly up to 270 m from PR-325 along the trail and in isolated patches beyond that (Fig. 2c) . Uniola virgata reestablished itself from the far end of the bulldozed trail (i.e., inside the forest) and moved toward PR-325 over time (Fig. 2c) . After 1 year, U. virgata successfully recolonized the area that had burned from the wildfire and subsequently spread an additional 115 m along the bulldozer trail. It was also observed co-occurring in some cross-transects colonized by M. maximus and L. leucocephala. Regardless of M. maximus and L. leucocephala colonization, native trees and plants from other functional groups (i.e., species other than U. virgata) effectively repopulated the midsection of the bulldozer trail, creating dense natural regeneration by the first survey in July 2012 (Fig. 2a) .
Effects of temporal pattern and impact of co-occurrence between functional groups
For each of our focal species, colonization along the trail was affected by temporal pattern. As would be expected, greater elapsed time resulted in further dispersal from source populations. However, those effects were not consistent between sampling events. Dispersal by July 2012 for each species was mainly limited to areas very near well-established source populations (small β 2 values in Table 3 ). The December 2012 sample, which included the fall rainy period, showed more rapid colonization (high β 3 values) followed by little change during the primarily dry period between December 2012 and July 2013 (similar β 3 and β 4 values; Table 3 ). Analysis of occupancy in December 2012 showed that M. maximus and L. leucocephala were more effective dispersers than U. virgata and their dispersal continued over longer distances, as evidenced by shallower slopes of the occurrence curve (Fig. 3a, b) (Table 2 ) had no significant effect on colonization by L. leucocephala or U. virgata, but did have a significant effect on M. maximus colonization (β values for NatVeg and AllColoNat, Table 3 ). In both December 2012 and July 2013, there was an observable spatial pattern (Fig. 2) wherein M. maximus was either absent or rare in crosstransects that were dominated by native trees and other vegetation. This was most pronounced in the portion of the bulldozer trail farthest away from PR-325.
Discussion
In 1 year, M. maximus and L. leucocephala colonized, with fairly high abundance, throughout the first 270 m of the bulldozer trail from the roadside into the forest (Fig. 2) . The two species showed a 0.5 probability of reaching as far as 160 and 270 m into the forest, respectively, according to our post-bulldozing (Time) model (Fig. 3a, b) , and both increased in coverage during December 2012 and July 2013 (Fig. 2b, c) . The probability of occurrence for M. maximus and L. leucocephala at a given location along the bulldozer trail declined from about 0.65 and 0.80, respectively, at the starting point of the trail near PR-325 to probabilities of less than 0.2 and 0.3, respectively, at 400 m into the forest (Fig. 3a, b) . Although M. maximus was observed at the end of the bulldozer trail (i.e., at 570 m from PR-325), we cannot say definitively that it reached that distance solely from the roadside populations. However, since no M. maximus individuals were observed elsewhere in the forest, we believe this is a reasonable supposition, especially since M. maximus and other invasive grasses have been shown to spread successfully along roadways and dominate roadside flora due to the constant movement of motor vehicles serving as dispersal agents (Von der Lippe and Kowarik 2007; Veldman and Putz 2010; Freitas et al. 2010) . In contrast, and unlike M. maximus, there were isolated individuals of L. leucocephala distributed through the study site before the wildfire, so L. leucocephala colonizers seen near the end of the trail could have originated from a variety of locations other than the roadside vegetation.
We acknowledge the possibility that a seedbed containing M. maximus or L. leucocephala, or both, was already present before the bulldozer disturbance took place. Thus, establishment of these species could have occurred from this existing seedbed. Even if-as we believe happened-the seedbed was scraped away by the bulldozer, after the bulldozing, the vehicles used to control the wildfire and repair the power lines and poles inside the forest could have dispersed seed into the newly disturbed habitats where M. maximus and L. leucocephala seeds were not present previously. Regardless, our results suggest that, for both M. maximus and L. leucocephala, the two most crucial factors in the prediction of invasion are the distance from the likeliest seed source (i.e., highly invaded roadside areas) and the rate of spread observed through time. With respect to both species, the probability of occurrence (ѱ) models fitted to the observed colonization patterns (Table 3) emphasized the importance of time since disturbance as a predictor. Furthermore, results from the ѱ (Time) and ѱ (AllColoNat) models suggested that regeneration of other, primarily woody, species (i.e., other than L. leucocephala) across a substantial portion of the bulldozer trail served as a biotic constraint on the presence of M. maximus (Table 3) . Such a pattern has also been observed in previous studies in this tropical dry forest (Molina Colón and Lugo 2006; Van Bloem et al. 2005 ). Although we did not develop models based on regeneration by each of these other plant species, we constructed model parameters that accounted for all of them collectively (Table 1) . We also observed that most of the regeneration of these other species happened from the root, basal, or stump sprouts and developed rapidly after the disturbance (Fig. 3a) as a result of resource allocation and acquisition by roots. Sprouting is a typical post-disturbance response in tropical dry forests (Van Bloem et al. 2007 ). Moreover, when conditions are appropriate, resprouting is an active physiological response that favors native woody vegetation, allowing them to out-compete grasses by shading them out.
Uniola virgata colonized from the end of the trail, where the fire started, to near the midsection of the bulldozer trail. Since this native species was already established in patches throughout the forest and alongside the trail, U. virgata had the opportunity to colonize or sprout from multiple locations along the disturbed area and build new colonies quickly. In just 13 months, U. virgata regenerated rapidly from some residual stolons that survived the fire or from seed dispersal inside the bulldozer trail. This dispersal pattern was similar to M. maximus in that both grasses established in areas closer to external propagule sources first. U. virgata declined in presence abruptly near the midsection of the bulldozer trail, which was instead dominated by woody sprouts. This resulting pattern could represent a preliminary indicator of potential competition between U. virgata (or perhaps other native grasses) and woody vegetation that could ultimately limit the ability of the grass to disperse in the long run, but investigating such All models were tested for significance at α ≤ 0.01 (*), α ≤ 0.001 (**), α ≤ 0.00001 (***) a premise is beyond the scope of this study. Furthermore, conclusive results about the effects of competition in this context, or in the case of M. maximus, would only be possible with exclusion experiments. Nevertheless, it is clear that once a major disturbance occurs in a tropical forest system, the landscape is vulnerable to invasion by highly competitive non-native grasses (Veldman and Putz 2011; Thaxton et al. 2012a Thaxton et al. , 2012b . Invasion by opportunistic native grasses can yield similar impacts on forest regeneration (D'Antonio and Meyerson 2002; Cabin et al. 2002; César et al. 2014 ) but we should reiterate that U. virgata was already established within the forest prior to the fire, so it may not have the same effect on regeneration as M. maximus. Our study suggests two potential mechanisms by which tropical dry forest ecosystems may resist grass invasion after bulldozing. First, tropical dry forests are well known for stressful abiotic conditions (i.e., they are vulnerable to loss of soil nutrients due to runoff or erosion and have low moisture availability due to high ET and elevated temperatures). These factors are known to favor well-adapted native vegetation (Grime 1979; Murphy and Lugo 1986; Van Bloem et al. 2003; Molina Colón and Lugo 2006) . Our results showed that root sprouts and basal shoots from native trees and other, mostly native, woody species (i.e., other than L. leucocephala) dominated early regeneration in the bulldozer trail, particularly at a farther distance from the roadside and within areas with < 10% of focal species coverage. Unfortunately, native dry forest tree species can struggle to recolonize open areas dominated by grasses, since they tend to grow slowly and are not fire-tolerant (Ramjohn et al. 2012; Wolfe et al. 2014; Wolfe and Van Bloem 2012) . However, our study was consistent with previous research suggesting a second potential mechanism. In short, L. leucocephala individuals can establish themselves relatively quickly in disturbed sites shared by invasive grasses such as M. maximus and after burns (Parrotta 2000; Santiago Garcia et al. 2008; Ramjohn et al. 2012; Wolfe and Van Bloem 2012) . If L. leucocephala colonizes the niche before grasses do, then native tree seedlings will have a better chance of reestablishing. Such successional facilitation is due in part to the ability of L. leucocephala to grow fast-out-competing grasses-and eventually create enough shade to restrain grass establishment and rebuilding soil N content lost from the relocation of topsoil during bulldozing, erosion, or burning (Erickson et al. 2002; Santiago Garcia et al. 2008) . Thus, when faced with the possibility of a stable grassland state, managers may consider the nurse-tree effects of L. leucocephala and other non-native tree species as a potential pathway for native woody species regeneration.
Conclusions
Our results demonstrated that bulldozer trails provide highly favorable routes for invasive species to colonize a tropical dry forest (Davis et al. 2005) . After only 9 months, the widely introduced M. maximus had a 50% chance of entering 160 m into the forest and L. leucocephala 270 m along a newly created bulldozer trail, most likely from a roadside seed source. These findings provide a valuable baseline for understanding the degree to which a one-time disturbance can facilitate invasion into a dry forest. From a management standpoint, when new trails are clearing into intact, native-dominated forest, they should be carefully monitored for the spread of invasive species, and controlling their seed sources may be helpful in minimizing invasion. Species such as M. maximus that can provide good fuel for wildfire (Thaxton et al. 2012a (Thaxton et al. , 2012b can pose additional threats to mature and secondary dry forests that are not fire-adapted (D' Antonio and Vitousek 1992; Hoffmann et al. 2003; Brooks et al. 2004; Folke et al. 2004) . In that regard, if a similar bulldozer disturbance occurs in the future, it may provide an opportunity to replicate the study through a long-term window of observation to better address seasonal pressures and other complex ecological processes in the ecosystem. Still, the sudden plant community responses observed in this study serve for future reference for management strategies directed at conservation efforts in protected tropical dry forests.
